Abstract-Bioavailability models predicting acute and/or chronic zinc toxicity to a green alga (Pseudokirchneriella subcapitata), a crustacean (Daphnia magna), and a fish (Oncorhynchus mykiss) were evaluated in a series of experiments with spiked natural surface waters. The eight selected freshwater samples had varying levels of bioavailability modifying parameters: pH (5.7-8.4), dissolved organic carbon (DOC, 2.48-22.9 mg/L), Ca (1.5-80 mg/L), Mg (0.79-18 mg/L), and Na (3.8-120 mg/L). In those waters, chronic zinc toxicity (expressed as 10% effective concentrations [EC10]) varied up to 20-fold for the alga (72-h EC10 from 27.3 to 563 g Zn/L), and approximately sixfold for the crustacean (21-d EC10 from 59.2 to 387 g Zn/L), and fivefold for the fish (30-d LC10, lethal concentration for 10% of the organisms, from 185 to 902 g Zn/L). For P. subcapitata a refined bioavailability model was developed by linking an empirical equation, which predicts toxicity expressed as free Zn 2ϩ activity as a function of pH, to the geochemical speciation model WHAM/Model V. This model and previously developed acute and/or chronic biotic ligand models for D. magna and O. mykiss generally predicted most effect concentrations by an error of less than a factor of two. In waters with pH Ͼ 8, however, chronic toxicity to D. magna was underestimated by a factor 3 to 4. Based on the results of this validation exercise and earlier research, we determined applicability ranges for pH (6-8) and Ca (5-160 mg/L) in which all three developed models are valid. Within these ranges, all three models may be considered useful tools for taking into account bioavailability in regulatory assessments of zinc.
INTRODUCTION
The importance of explicitly considering bioavailability in risk assessment and criteria setting of metals is recognized by the academic, the industrial, and the regulatory community. In that context, bioavailability models have been developed for predicting acute and/or chronic zinc toxicity to the green alga Pseudokircheneriella subcapitata [1] , the cladoceran Daphnia magna ( [2] [3] , and D. Heijerick et al., unpublished data) , and a fish, the rainbow trout, Oncorhynchus mykiss [3, 4] . These models can accurately (i.e., generally with an error of less than a factor of two) predict zinc toxicity in synthetic waters with different pH and concentrations of Ca, Mg, and Na. However, for regulatory purposes, such models should also be able to predict toxicity of zinc in natural surface waters. As opposed to most synthetic freshwaters (i.e., usually prepared with deionized water as the dilution water), natural surface waters contain dissolved organic carbon (DOC) that may bind zinc in a toxicologically unavailable form [5, 6] . To date, the above-mentioned bioavailability models have not been tested for their predictive capacity in the presence of natural DOC. In this context, it is crucial that speciation of zinc (i.e., the activity of free Zn 2ϩ ) can correctly be predicted in the presence of natural DOC because it is mainly the free Zn 2ϩ ion that is considered the bioavailable metal species. The speciation of zinc in the presence of DOC can be modeled with a geochemical speciation model like WHAM/Model V [7] [8] [9] , which is an integral part of the biotic ligand model (BLM) software [10] .
In this study, we have performed toxicity tests with the * To whom correspondent may be addressed (karel.deschamphelaere@ugent.be).
above-mentioned species in eight spiked natural freshwaters with various levels of pH, Ca, Mg, Na, and DOC. The aim was to assess the predictive capacity of the following chronic bioavailability models: a chronic (72-h growth rate) model for P. subcapitata, an acute (48-h immobility, [2] ), and a chronic BLM for D. magna (21-d reproduction; D. Heijerick et al., unpublished data), and a chronic (30-d survival) BLM for rainbow trout [4] .
MATERIALS AND METHODS

Sampling of natural surface waters
Samples of natural surface waters were taken at eight locations, five in The Netherlands, two in Belgium, and one in France (Table 1) . Samples for toxicity assays with different organisms were taken on various occasions (Table 1) . Two sampling techniques were used. The first technique consisted of taking a 50-L sample of natural water in acid-washed (0.14 N HNO 3 ) polyethylene vessels. Upon arrival in the laboratory, the sample was filtered (0.45 m; Gelman Science, Ann Arbor, MI, USA) and stored at 4ЊC in the dark until use. This technique was used for all toxicity tests with D. magna and for two tests with P. subcapitata ( Table 1) . The second technique consisted of concentrating in situ approximately 1,000 L of water to a volume of approximately 20 L using reverse osmosis, as described by De Schamphelaere et al. [11] . This technique was used for all tests with rainbow trout and six tests with P. subcapitata ( Table 1) . The technique was considered the most practical in order to obtain the large quantities of water needed for the chronic tests with rainbow trout. Upon arrival in the laboratory, the sample was stored at 4ЊC in darkness. In order to use the sample for testing, the concentrated sample was diluted with deionized water to obtain the DOC concentration originally present in the natural surface water. As Ca and Mg were replaced with Na during the reverseosmosis process [11] , the Ca and Mg concentrations of the diluted sample were readjusted to obtain the Ca and Mg levels measured in the original water sample using reagent-grade CaCl 2 or MgCl 2 . We have previously demonstrated that this method yields very similar water chemistry in the reconstituted water as compared with the original water [12] . Furthermore, tests with diluted reverse-osmosis concentrates and original water have been demonstrated to yield identical copper and zinc toxicity to D. magna and P. subcapitata [12] . Surface waters were spiked with different Zn concentrations and, before testing, the spiked samples were allowed to equilibrate for 2 d to obtain near-equilibrium zinc speciation. For all tests with P. subcapitata (except Markermeer), for most chronic tests with D. magna (except Markermeer, Rhine, and Voyon), and for the rainbow trout test with Bihain water, 750 mg/L 3-N-morpholinopropanesulfonic acid was added as a pH buffer. Zinc and copper toxicity have been demonstrated not to be affected by the presence of 3-N-morpholinopropanesulfonic acid [13] .
Testing
The toxicity test conditions for each species are summarized in Table 2 . Tests were conducted according to standard protocols of the Organization of Economic Cooperation and Development for testing with P. subcapitata (72-h growth, [14] ), D. magna (21-d reproduction, [15] ; 48-h immobility, [16] ), rainbow trout (30 d, mortality and growth, [17] ). For rainbow trout only, mortality data are reported, as survival was more sensitive an endpoint than growth (data not shown). This was also observed in a previous study [4] . For more specific details on test procedures, we refer to our previous publications on P. subcapitata [12] , D. magna [2, 6] , and rainbow trout [4] .
Chemical analyses
The frequency with which samples were analyzed is reported in Table 2 . All analyses, except pH, were performed on filtered samples (0.45 m; Gelman Science) twice a week. Dissolved organic carbon and dissolved inorganic carbon were measured with a total organic carbon analyzer (TOC-5000; Shimadzu, Duisburg, Germany). Dissolved inorganic carbon and pH were used to calculate total alkalinity (as mg CaCO 3 / L) according to the BLM software manual [10] . The Cl Ϫ and were measured using ion chromatography (DI-2Ϫ SO 4 ONEX2000i/SP; Dionex, Sunnyvale, CA, USA) and Ca, Mg, Na, and K using flame emission spectrophotometry (ELEX 6361; Eppendorf, Hamburg, Germany). Dissolved-Zn concentrations were measured using flame atomic absorption spectrophotometry (SpectrAA100; Varian, Mulgrave, Australia) after acidification of the samples (0.14 N HNO 3 ). Calibration standards (Sigma-Aldrich, Steinheim, Germany) and a reagent blank were analyzed with every 10 samples. The detection limit for Zn was 5 g/L. Two certified reference samples, TMDA-62 and TM-25.2 (National Water Research Institute, Burlington, ON, Canada) with certified Zn concentrations (mean Ϯ 95% confidence interval) of 110 Ϯ 15.5 and 24 Ϯ 4.6 g/L, respectively, were analyzed at the beginning and end of each series of Zn measurements. Measured values were always within 10% of the certified value.
Data treatment
For P. subcapitata, growth rate was used as the endpoint and was determined in each replicate of each concentration as the slope of the linear regression of the natural logarithm of cell density versus time (in days) and was expressed in units of d
Ϫ1 [14] . For D. magna, the mean number of juveniles produced per exposed individual was used as the endpoint. For O. mykiss, growth rate of individual fish was determined according to the Organization of Economic Cooperation and Development [17] , but growth was always less sensitive than the survival endpoint (data not shown). Thus, only survival data were used for further data treatment. For all three organisms, no observed effect concentrations (NOEC) were determined by statistically comparing growth rate, reproduction, or survival in a zinc treatment with the control using the MannWhitney U test. Concentrations resulting in 50% (EC50) and 10% (EC10) reduction of growth rate (P. subcapitata), reproduction (D. magna), or survival (O. mykiss) were calculated using the logistic regression. Regressions were performed using the Levenberg-Marquardt algorithm [18, 19] with Statistica software (Statsoft, Tulsa, OK, USA). In order to predict effect concentrations (NOEC, EC10, EC50), we used the modeling software BLM-Windows Version 1.0.0. [10] with earlier established parameter sets for the acute [2] and the chronic Zn-BLM for D. magna (Heijerick et al., unpublished data) and the chronic Zn-BLM for rainbow trout [4] (Table 3) . Stability constants for inorganic complexes were taken from Martell et al. [20] (Table 3 ). For P. subcapitata, a different approach was adopted (see Results and Discussion). Briefly, an empirical regression predicting effect concentrations as Zn 2ϩ activity was linked to the speciation model WHAM/MODEL V [9] by adding extra program code to the original Turbo Basic version of this model. The empirical regression was extracted directly from the toxicity-test results obtained with the natural surface waters.
RESULTS AND DISCUSSION
General
Water chemistry data and effect concentrations of zinc for P. subcapitata, D. magna, and O. mykiss are reported in Tables  4, 5 , and 6, respectively. A large variation of physico-chemical characteristics-important for zinc bioavailability-was observed in the tested waters, i.e., DOC between 2.48 and 22.9 mg/L, pH between 5.7 and 8.4, Ca between 1.51 and 80.2 mg/ L, Mg between 0.79 and 18.4 mg/L, and Na between 3.8 and 116 mg/L.
For P. subcapitata, up to a factor of 20 difference in zinc toxicity was observed, as indicated by 72-h EC10s, which ranged from 27.3 to 563 g Zn/L, and by 72-h EC50s, which ranged from 106 to 2,050 g/L. The 72-h NOECs varied between Ͻ52.6 and 358 g Zn/L. For D. magna, 48 h-EC50s varied about 10-fold, i.e., between 354 and 3,290 g Zn/L, whereas the variation in chronic toxicity was up to a factor of 7, as indicated by 21- The range of dissolved Zn present as complexed to DOC, calculated using the Biotic Ligand Model software [10] at the EC50 (left figure) and the EC10 (right figure) assuming the optimal percentage of active fulvic acid for each water (except for Brisy-Natural, where an average active fulvic acid of 61% was assumed).
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Growth rate at the lowest tested concentration (52.6 g Zn/L) was significantly lower than control growth rate. The range of dissolved Zn present as complexed to DOC, calculated using the Biotic Ligand Model software [10] at the 30-d EC50 (left figure) and the 30-d EC10 (right figure) assuming the optimal percentage of active fulvic acid for each water (except for Brisy-Natural, where an average active fulvic acid of 61% was assumed.
Development of a predictive bioavailability model for P. subcapitata
In a previous study [1] , we investigated the effects of pH, Ca, Mg, and Na on chronic zinc toxicity to algae. Those data did not allow for the development of a traditional BLM (sensu [2, 21] ), i.e., with one biotic ligand site for which zinc and Ca 2ϩ , Mg 2ϩ , Na ϩ , and H ϩ can compete. Notably, the effect of pH could not be fully explained by H ϩ competition for a single zinc-binding site. It has been suggested that the cell wall of algae consists of different types of metal-binding sites, all having different pKa, resulting in a continuous increase of metal adsorption at increased pH and thus indirectly in an increased metal toxicity at higher pH [11] . Indeed, a pH increase from 5.6 to 7.8 resulted in a 20-fold increase of zinc toxicity [1] . The protective effects of Ca, Mg, and Na were much less important than the pH effect. Moreover, these effects were only investigated at a single pH level (i.e., 7.5) [1] . Given the hypothesis of multiple binding sites for Zn (and competing ions) [1] , the protective effects of those cations may be different at other pH levels. Therefore, until the pH effect is better understood, we prefer the development of a model similar in structure as that proposed for copper [11] .
Such a model is based on an empirical relationship between the toxicity expressed as Zn 2ϩ activity (e.g., ) and pH. EC50 2ϩ
Zn
This relationship is then linked to the speciation model WHAM/Model V [6] [7] [8] [9] to take into account complexation of Zn 2ϩ with natural DOC to predict toxicity expressed as dissolved Zn (e.g., EC50 dissolved ). Unfortunately, the data reported by Heijerick et al. [1] could not be used for deriving this empirical relationship in such a way that it could also be used for validating the toxicity-test results in the present study. This is because these authors reported effect concentrations on the basis of the biomass endpoint of algal toxicity testing as opposed to the growth-rate endpoint reported in the present study. Because these different endpoints typically result in quite different effect concentrations [22] , any validation of effect concentrations on a growth-rate basis using a biomass-based model would be meaningless.
Therefore, we decided to use the toxicity data obtained in the present study with spiked natural waters to derive an algal bioavailability model. Dissolved 72-h EC50s and EC10s obtained with Ankeveen, Bihain, Markermeer, Ossenkolk, and Voyon samples (Table 4) were transformed to Zn 2ϩ activities using WHAM/Model V [9] . This was performed by taking into account that, for these individual samples, the DOC-Zn binding properties had previously been determined using anodic stripping voltametry (Cheng et al., unpublished data). In that study, WHAM-Model V was calibrated to each sample by assuming that only a certain percentage of the natural DOM behaves as active fulvic acid (%AFA, as previously described in [12, 23, 24] ), while the remaining fraction is considered not to take part in metal binding. When using pH, DOC, Ca, Mg, Na, K, , Cl Ϫ , and alkalinity as model input parameters 2Ϫ SO 4 (i.e., the input parameters required by the BLM software [10] ), fitted, optimal values of %AFA were 71% for Ankeveen, 73% for Bihain, 57% for Markermeer, 23% for Ossenkolk, and 81% for Voyon. It is noted that those values are only valid for the experiments with rainbow trout and P. subcapitata, as samples for D. magna testing were taken at the different points in time (Table 1) .
Correlation analysis indicated a significant relation between log(ECx) and pH, a finding that is similar to that reported 2ϩ Zn for copper [11] , The slope of the regression equations (i.e., about 0.7) is lower than the one obtained for copper (i.e., between 1.1 and 1.4 [11] ). This indicates that zinc toxicity to P. subcapitata is less dependent on pH than copper. It is hypothesized that metals such as copper and zinc are exchanged against H ϩ ions and that, at higher pH, more metal can bind to the cell wall [25] , eventually resulting in an enhanced toxic effect [11] . The different slopes for copper versus zinc are in agreement with the observation of Crist et al. [25] that Cu 2ϩ and Zn 2ϩ are exchanged against 1.3 and 0.6 H ϩ ions when binding to the cell wall of Vaucheria sp., respectively. Interestingly, Peterson et al. [26] also observed a slope of 0.7 when relating toxicity of Cd, a metal very similar in chemistry and toxicology to Zn, to Scenedesmus quadricauda expressed as log (Cd 2ϩ ) to pH. Finally, correlations between (EC50) and Ca, Mg, and Na 2ϩ Zn were not significant (p Ͼ 0.05), with r ϭ Ϫ0.21, r ϭ Ϫ0.15 and r ϭ Ϫ0.22, respectively. This confirms the former statement that pH is more important than Ca, Mg, and Na for determining zinc toxicity to P. subcapitata. The regression models (Eqns. 1 and 2) were linked to WHAM/Model V to obtain the final bioavailability model. With this model, effect concentrations of zinc can be predicted as dissolved concentrations as follows. First, the effect concentration as free Zn 2ϩ activity is predicted using Equations 1 and 2. Second, the WHAM/Model V is used to calculate how much dissolved zinc is required to reach this free Zn 2ϩ activity given the chemistry of the tested water, thus yielding the effect concentration expressed as dissolved zinc.
Zn speciation, the importance of DOC, and validation approach
The calculations in Tables 4 to 6 indicate that, at the effect concentrations observed, a substantial fraction of dissolved Zn may be bound to natural DOC. Indeed, the percentage of Zn calculated to be bound to DOC in natural waters varied between 5 and 89%. A general pattern is that, at lower Zn concentrations, more Zn tends to be complexed to DOC. For example, whereas at 48-h EC50 levels for D. magna between 5 and 42% of Zn is estimated to be bound to DOC, between 33% and 69% is bound at the 21-d NOEC-level, which is typically 4 to 23 times lower than the 48-h EC50 (Table 6 ). This stresses the importance of considering organic Zn complexation in speciation and toxicity modeling, especially at lower Zn concentrations.
Next to Zn 2ϩ and Zn-DOC, other Zn species were, in most cases, calculated to be less abundant. In all cases, i.e., across organisms and effect levels, ZnOH ϩ , Zn(OH) 2 , ZnSO 4 , ZnCl ϩ , and only accounted for up to a maximum of 4, 0.6, ϩ ZnHCO 3 7.6, 0.8, and 2.8% of the total dissolved zinc, respectively. Only ZnCO 3 accounted in some cases for more than 10% of the dissolved zinc, notably in those test waters with the highest levels of alkalinity and pH, i.e., Regge (up to 13% ZnCO 3 ), Markermeer (up to 20%), Voyon (up to 27%), and Rhine (up to 36%).
Hence, both inorganic and organic Zn complexation may reduce Zn 2ϩ activity and thus also reduce toxicity-and it is thus important to take into account these effects in bioavailability models. Inorganic complexation is relatively straightforward, as it is fully described by standardized stability constants [20] .
Thus, in principle, the developed Zn-bioavailability models should be able to correctly predict zinc toxicity in a given surface-water sample, if the zinc-binding characteristics of the DOM in such a sample are known. However, it is impractical to determine the properties of Zn-binding to DOC in each unknown sample, e.g., through a titration study, before making a Zn-toxicity prediction for that sample. Therefore, for unknown samples, it is suggested to assume that the DOM consists of a fixed fraction of chemically active fulvic acid, i.e., 61%, which is the mean of optimal %AFA of the five abovementioned samples with which Zn titration studies were performed (Cheng et al., unpublished data). In order to evaluate the potential merit of this approach for unknown samples, this approach was used throughout the validation exercises with all models (all species) for all water samples, even in cases where the Zn-binding properties of the DOC were known. Figure 1 presents the observed versus predicted effect concentrations for all species. For P. subcapitata, all effect concentrations were predicted by an error of less than a factor of two, except the 72-h EC10 in Ossenkolk water, which was overestimated by a factor of 2.2. The latter illustrates the effect of not using the optimal percentage of active fulvic acid for this sample. Indeed, as opposed to the average %AFA of 61% used for this prediction, Ossenkolk DOM has an optimal %AFA of 23% (see above). When using the latter %AFA, the predicted 72-h EC10 was 250 g Zn/L, which is less than a factor of two different from the observed 72-h EC10, i.e., 169 g/L. Although this indicates the potential usefulness of taking into account differences in Zn-DOC binding properties among surface waters, the predictive capacity of the models is reasonable (within a factor of 2.2) when not doing so.
Validation of the bioavailability models
Hence, the bioavailability model clearly captures the variability in zinc toxicity in the various natural waters. It should K.A.C. De Schamphelaere et al.
be noted, however, that the validation was performed on the same test waters as those that were used to develop the model. Additional validation testing with other test waters with P. subcapitata is therefore desirable. In that context, it is encouraging that the EC10 and EC50 of the natural sample not used for model development, i.e., Brisy, are accurately predicted. Observed EC10 and EC50 were 109 and 347 g Zn/ L, respectively; predicted values were 98 and 487 g Zn/L, respectively.
For D. magna, all 48-h EC50s were predicted accurately, i.e., by an error of less than a factor of two for all six samples tested (Fig. 1) . All 21-d EC50s and most 21-d NOECs were also predicted by an error of less than a factor of two. For the Rhine and Voyon samples, however, NOECs of 324 and 273 g Zn/L were predicted, respectively, whereas observed NOECs for these waters were 143 and 72.7 g Zn/L, respectively, indicating a prediction error of factors of 2.3 and 3.8, respectively. Interestingly, those two waters had the two highest pH levels of all tested samples, i.e., 8.2 for Rhine and 8.4 for Voyon. Although predictions of 21-d EC50s were reasonable for all waters, a similar trend of underestimation of toxicity (overestimation of EC50) at higher pH levels was observed. Indeed, a significant correlation was observed between the predicted EC50:observed EC50 versus pH (r ϭ 0.94) (data not shown). The current data cannot explain this and further research is needed to investigate the chronic bioavailability of zinc to D. magna at pH Ͼ8. Until this issue is further clarified, predictions of chronic zinc toxicity to D. magna with the chronic BLM for waters with pH Ͼ8 should be used with caution or should be avoided.
Finally, for rainbow trout, all BLM-predicted 30-d effect concentrations were within a factor of two of the observed values, except the 30-d LC10 in Bihain test water, which was underestimated by a factor of 2.1 (Fig. 1) . Hence, the variability in toxicity due to water chemistry was also considerably reduced with the chronic rainbow trout BLM.
Setting the application boundaries for the developed models
The developed bioavailability models can be used to accurately predict zinc toxicity in natural surface waters exhibiting certain water chemistry. The ranges of water-quality characteristics in which the models are applicable may be defined by the ranges for which the models have been developed and/ or successfully validated with natural waters, i.e., by an error of less than a factor of two. No boundaries are set for the DOC concentration. The effect of DOC is fully captured by the geochemical speciation module of the models, i.e., WHAM/ Model V, which provides reliable speciation estimates both in the presence of natural DOC (by using an average fixed proportion of active fulvic acid) and also in the absence of DOC. Based on their relative importance for modifying toxicity, application boundaries are defined for pH for P. subcapitata and for pH and Ca for D. magna and O. mykiss. Next to DOC, pH (for all tested organisms) and Ca (for D. magna and O. mykiss) are the two major parameters affecting chronic zinc toxicity. For P. subcapitata, the model is valid in the pH range 5.7 to 8.0. Based on natural waters, the chronic Zn-BLM for D. magna is considered applicable between pH 6 and pH 8 and between 3.7 and 61 mg Ca/L. For reasons mentioned above, it should not be used for waters with pH Ͼ 8. The Ca range, however, can be extended when it is taken into account that the chronic Zn-BLM parameters (Table 3) correctly reflect the protective effect of Ca in synthetic waters up to a concentration of 160 mg/L (Heijerick et al., unpublished data). The chronic Zn-BLM for O. mykiss is applicable in the pH range 6.1 to 8.1 and in the Ca range of 7 to 49 mg/L. However, those ranges can be extended for pH from 5.7 to 8.1 and for Ca from 7 to 160 mg/L, based on the chemistry of the synthetic waters used for the model development [4] . In summary, all models can be used to accurately predict chronic Zn toxicity in the pH range 6 to 8 and in the Ca range 5 to 160 mg/L.
CONCLUSION
We have demonstrated the importance of considering bioavailability in regulatory assessments of zinc in natural freshwaters as evidenced by the factor 20 variability in toxicity to green alga and the factor of six for the cladoceran and the fish tested, respectively. The developed bioavailability models generally perform well, i.e., predicting most acute and chronic effect concentrations by an error of less than a factor of two. Zinc bioavailability to D. magna in water with high pH (Ͼ8) was underestimated by a factor of three to four, thus limiting the applicability of the chronic Zn-BLM for this species and warranting further research. Within the defined ranges of pH (6) (7) (8) and Ca (5-160 mg/L), all models may be considered useful tools in risk assessment and water-quality criteria-setting procedures.
